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Themanipulation of thematter at the nanoscale (≤100 nm) generates
engineered nanomaterials (ENMs) with peculiar physico-chemical char-
acteristics (Liu et al., 2014). Recently, the application of nanotechnology
in many ﬁelds of industrial production has progressively grown, making
engineered nanoparticles (ENPs) a new emerging potential category of
environmental contaminants (Manzo et al., 2013a). Their innovative
and economic potential is threatened by a limited understanding of the
related environmental health and safety (EHS) issues. It is commonly
accepted that ENPs can be dispersed into the environment during their
productive process, use and end-life (Fan et al., 2014), potentially enter-
ing the marine compartment and thus posing potential risks for the
biota (Hanna et al., 2013).
In the last decade, aquatic ecotoxicity studies about ENP effects grew
rapidly, stressing more on freshwater rather than saltwater or terrestrial
species (Corsi et al., 2014; Libralato, 2014; Minetto et al., 2014; Libralato
et al., 2016; Lofrano et al., 2016; Vale et al., 2016). Saltwater is a complex
matrix pushing ahead ENP instability and promoting the rapid formation
of agglomerated/precipitated forms (Callegaro et al., 2015). Despite the
huge number of papers, their nanoecosafety is still fragmentary, and the
comparison of multiple studies can be difﬁcult, since experimental de-
signs and testing conditions are rarely consistent across studies (Salieri
et al., 2015). The shrinking time to market of new ENMs drives the need
for pressing actions by policymakers and stakeholders that are still slow
to arrive. Starting from highly scattered information and considering a
special focus on saltwater, this paper will: (i) provide an overview of
ENMs ecotoxicological effects from existing data; (ii) reﬁne papers on
cross-cutting selection criteria; (iii) support a “mind the gap” approach
stressing on missing data supporting hazard and risk assessment.
1.1. Data collection and information management
This review examined 529 papers including original nanoecotoxi-
cological researches embracing freshwater and saltwater environments
up to the end of December 2015. Bibliographic search engines wereGoogle Scholar, PubMed, Scopus and Web of Science. Review papers
were not considered. Papers investigated aquatic ecotoxicology on
78 ENPs including metals and metalloids (n = 10), metal oxides
(n = 33), organics (n = 3), quantum dots (QD) (n = 5) and
“others” (n = 27) (Table S1). The “others” category comprised:
ALEX (aluminium NPs), C60HxC70Hx, C60OH24, C70, carbon-iron, CD-
Se, cotton nanoﬁbers, ﬂuorescent NPs (FNP), ﬂuorescent silica (FS),
graphene oxide, hydroxy apatite (HA), L-ALEX (aluminium NPs),
Mg(OH)2, Mn-ZnS, Mo/NaO, N-isopropilacrilamide (NIPAM), N-
isopropilacrilamide/N-tertbutylacrylamide (NIPAM/BAM), poly-
ethyleneglycol(PEG)-Fe3O4, PEG-QD, polymethylmethacrylate
(PMMA), polystyrene, sodium alginate-polyvinylalcohol-ZnO (SA-
PVA-ZnO), sodium dodecyl-sulphate/didodecyl-dimethyl ammoni-
um bromide (SDS/DDAB), tricalcium phosphate (TCP), tobramycin
polymeric, Zn–Se, zero valent iron (ZVI). An overview of ENP-
biological model pair and the list of recorded species are available
in Table S1 and Table S2, respectively.
The relative abundance of studies for ENPwas reported in Fig. 1. The
attentionwasmainly focused onmetal oxides (65%) and then onmetals
andmetalloids (20%), organics (8%), QD (2%) and others (5%). Themost
investigated ENPswere: TiO2 (31%), Ag (12%), ZnO (11%), CuO (6%), C60
(5%), Au (3%), CeO2 (3%) and carbon nanotubes (3%).
Focusing on saltwater species, the statistics drastically changed. Only
126 papers (24%) accounted for saltwater nanoecotoxicology including
38 ENPs. They were grouped as metal oxides (n = 20), metals and
metalloids (n = 5), organics (n = 3), QD (n = 2) and others (n = 6).
A detailed overview of ENP-biological model pair and the list of ENPs
relative abundance are available in Table S3, and Fig. 2 (considering salt-
water species).
The consistency of data showed to vary according to the exposure
scenario making their interpretation very case speciﬁc. Various ENPs
were tested on several species and endpoints increasing the responses
within and between each ENP category and group of organisms
(Kahru and Dubourguier, 2010). Nanotoxicity/nanosafety data are in-
creasing day-by-day, but the importance to regulators is often unclear
or unproven mainly because their extreme case speciﬁc outlook
Fig. 1. Comparison of the relative abundance (%) of papers focusing on ENPs including both freshwater and saltwater testing species.
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process including (i) the ENPs studied with a frequency ≥5%; (ii) the
presence of analytical concentrations; (iii) the presence of detailed ex-
perimental design including organismexposure conditions, ENP charac-
terization and/or dispersion methods; and (iv) the compliance with
quality assurance and quality control procedures. Six ENPs met these
criteria (nAg, nAu, nCuO, nTiO2, nZnO and C60) and were investigated
within this review.
2. Ecotoxicity of ENPs
An overview concerning the ecotoxicity effects on saltwater species
of nAg, nAu, nCuO, nTiO2, nZnO and C60 was proposed in Table S4. For
each ENP, toxicity data were classiﬁed according to the taxonomy of
biological models. The ENP administration/exposure conditions and up-
take were also speciﬁed. The reviewed papers not cited in this review,
thus not meeting the above-mentioned criteria, were listed in Supple-
mentary materials (Table S5) with the relative references.2.1. Nano silver (nAg)
2.1.1. Bacteria
The effects of nAg (Table S4) inwatermedia up to 100mg/Lwere in-
vestigated on Gram-negative bacteria Vibrio ﬁscheri (Binaeian et al.,
2012). nAg was produced via chemical reduction and biological genera-
tion by means of Escherichia coli. After 30 min exposure of bacteria to
both nAg batches, the authors recorded similar median effect con-
centration (EC50) values, 29.3 and 34.5 mg/L, respectively. Currently,
this seems to be the only publication concerning marine bacteria and
nAg even if marine bacteria (e.g. E. coli, Ochrobactrum sp., and Vibrio
alginolyticus) showed to be a useful system to produce nAg (Binaeian
et al., 2012; Rajeshkumar et al., 2013).2.1.2. Algae
Effects of nAg on Dunaliella tertiolecta, Thalassiosira pseudonana and
Thalassiosira weissﬂogii were investigated by Oukarroum et al. (2012),
Fig. 2. Comparison of the relative abundance (%) of papers focusing on ENPs including only saltwater species.
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were exposed for 24–72 h between 0.0000229 and 10 mg/L of nAg.
Starting from the lower tested concentrations, the main observed ef-
fects were cell growth inhibition, decreasing of chlorophyll content
and cell viability. According to Burchardt et al. (2012), it is remarkable
the relation of negative effectswith amixture of ENP parameters includ-
ing aggregated state, size, stability of the preparation and speciation of
the released silver. Between 1 and 10 mg/L reactive oxygen species
(ROS) production and lipid peroxidation (LPO) level were detected by
Oukarroum et al. (2012). Nevertheless, several authors conﬁrmed that
nAg toxicity is due to the ionic fraction (Ag+) (Miao et al., 2009). In
addition, the nAg effects were also investigated by Gambardella et al.
(2015), who exposed the algae D. tertiolecta and Skeletonema costatum
to different concentrations, ranging between 0.1 and 6.4 mg/L for
72 h. Respectively, the cell growth inhibition IC50 values resulted 0.9
and 3.1 mg/L, revealing that the green algae are more sensitive to nAg
effects than diatoms (Gambardella et al., 2015). Moreover, Mohandass
et al. (2013) reported the possibility to bio-synthetize nAg using the
marine seaweed Sargassum cinereum from an aqueous solution of
AgNO3.
2.1.3. Cnidarians
Suwa et al. (2014) investigated nAg effect on Acropora japonica ex-
posing gametes, larvae and polyps at 0.0005, 0.005, 0.05 and 0.5 mg/L
for 10 d. The results showed that the adverse effects on fertilizationrate, larval survival and metamorphosing started at 0.05 mg/L, being
concentration dependent up to 0.5 mg/L. Aurelia aurita ephyrae were
exposed at 0.1, 0.2, 0.4, 0.8 and 1.6 mg/L by Gambardella et al. (2015)
assessing the acute (24 h, immobility) and sub-lethal endpoints (48 h,
frequency pulsation). They observed signiﬁcant different effects starting
at 0.1 mg/L, compared to negative controls, on both the evaluated
endpoints. The effects increased in a dose-dependent manner up to
0.4 mg/L, reaching 100%.
2.1.4. Annelids
Annelids, as molluscs, are one of the most studied taxonomic group.
Overall, the organisms were exposed to nAg considering three different
experimental designs, depending on exposure modalities: waterborne,
dietary and by sediment.
Buffet et al. (2014) and Mouneyrac et al. (2014) exposed Hediste
diversicolor to spikedwater (0.01mg/L nAg) for 21 and 16 d, respective-
ly. Both studies evidenced changes in biomarker response and in behav-
ioral endpoint like the burrowing activity. Buffet et al. (2014) observed
Ag accumulation in soft tissue up to 300 ng/g. In nAg spiked water
(0.01–1 mg/L), Marques et al. (2013) assessed the effects on Laeonereis
acuta. They observed a reduction of the bacterial colony forming unit
(CFU) in themucus of worms and Ag accumulation in their posterior re-
gion in a way that was independent from concentrations. Waterborne
nAg exposure effects on Platinereis dumerilii were studied by García-
Alonso et al. (2014). Eggs, different larval stage and juveniles were
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adults at 0.001–0.5 mg/L nAg. Mortality and abnormalities were con-
centration dependent in eggs, larvae and juveniles, while adults showed
to accumulate Ag at a rate of 0.072 L/(g·d), reaching the saturation at
28 μg/g.
Due to its cannibalism habit, dietary exposure effects on
H. diversicolor were also investigated by Mouneyrac et al. (2014)
that fed them with 0.01 mg/L nAg spiked H. diversicolor. The authors
observed effects similar to the waterborne exposure, detecting both
Ag bioaccumulation and burrowing impairment compared to nega-
tive controls.
H. diversicolor was exposed to sediment spiked with nAg between
0.001 and 0.05 mg/g for 72 h (Cong et al., 2011) and at 0.25 mg/g for
10 d (García-Alonso et al., 2011). Both authors used Ag+ to understand
the ionic effect. Cong et al. (2011) observed concentration-related
coelomocyte DNA damages and a body burden Ag content of
0.00856 mg/g, with no signiﬁcant differences between treatments
(ionic, micro- and nano-Ag). García-Alonso et al. (2011) (0.00025 mg/g
of Ag in sediment for 10 d) detected 93.77 ng/g of bioaccumulated Ag.
Authors could also observe the presence of nAg in the gut lumen and
extracellular matrix with distinct in vivo fates: nAg was predominantly
associated with inorganic granules, organelles, whereas dissolved Ag+
was predominantly associated to metallothioneins (MTs).
2.1.5. Molluscs
Various exposure scenarios and endpoints were considered with
molluscs. Zuykov et al. (2011a) exposed adults ofMytilus edulis to radio-
active 110mAg ENP at 0.0007 mg/L for 3.5 h observing its accumulation
on the extra-pallial ﬂuid (EPF). After the waterborne exposure, speci-
mens were transferred in clean water for 72 h. Results showed that
mussels accumulated N60% of Ag in their soft tissues and EPF complex-
ation of Ag by high molecular weight organic molecules occurred into
the water, due to the fact that Ag found in the containers did not aggre-
gate. Using the same experimental design, Zuykov et al. (2011b) also ex-
amined the shell nacre micromorphology of adults and juveniles of
M. edulis. No evidences of alteration processeswere found on the nacre-
ous layer of the young and adult mussels exposed to Ag after 30 d of
depuration, even if, in some cases, grains of carbonate particleswere ob-
served on the whole surface of the nacre tablets. Gomes et al. (2013a)
carried out toxicity test on adults ofMytilus galloprovincialis, exposing
them to 10 μg/g of Ag spiked water for 15 d. The observed effects
were Ag accumulation in soft tissues (maximum 6 μg/g) and DNA dam-
ages, even if no signiﬁcant relationship was found between effects and
ENP concentrations. Ag is expected to interfere with DNA probably
through Ag+ release. Gomes et al. (2013b) carried out an analogue in-
vestigation with the same experimental conditions. They highlighted
an increase in Ag concentration in gills by 14-fold, accumulation in
digestive gland (DG) of 27.7 μg/g and change in the pattern of protein
expression in both tissues. As different sets of proteinswere differential-
ly expressed in gills and DG, authors established that Ag+ ions, released
from theNPs, are not the only factor responsible for different expression
responses.
Waterborne (0.02 mg/L) and/or dietary (0.02 mg/L) exposures
of nAg for 5 d to sea snail Littorina littorea showed a decreasing Ag
partitioning: visceral mass N stomach N kidney N gill N head N foot (Li
et al., 2012). Authors evidenced that seawater reduced Ag bioavailabil-
ity, mainly complexed by chlorides. Dai et al. (2013) exposed the clam
Macoma balthica to nAg spiked sediment, at 200 μg/g for 35 d, observing
burrowing activity delays and condition index general decrease. A form-
dependent uptake of Ag was also observed, decreasing with increasing
particle size. Effect of nAg on Scrobicularia plana was investigated by
Buffet et al. (2014) after the waterborne exposure at 0.01 mg/L of nAg
for 21 d. Ag accumulation was detected in soft tissues (250 ng/g) like
changes in stress related biomarkers. Reduced burrowing kinetics
were observed as signiﬁcant DNA damage in gill and DG. They could
also demonstrate that nAg instead of Ag+ speciﬁcally caused some ofthe effects. The same species was used by Buffet et al. (2013a) to assess
nAg effects via bothwater media (0.01mg/L for 14 d) and dietary expo-
sure (algae exposed at 0.01mg/L for 4 d). Aboutwaterborne exposure, a
bioaccumulation signiﬁcant increase was observed in bivalve cytosolic
fraction (approximately 9-fold compared to the control). After dietary
exposure, Ag level increase was 4-fold, and glutathione S-transferase
(GST) and super oxide dismutase (SOD) activities signiﬁcantly in-
creased. About behavioral biomarkers, no signiﬁcant differences were
described for bivalves exposed either through water media or diet
with one only exception: after 10 d dietary exposure, a signiﬁcant feed-
ing rate decrease was observed. Mouneyrac et al. (2014) used S. plana
keeping the same experimental conditions of Buffet et al. (2013a), but
authors observed feeding rate impairments and increased activity of
stress related biomarkers. This could probably be due to the individual
variability of biological models.
2.1.6. Crustaceans
Gambardella et al. (2015) investigated nAg effects on Amphibalanus
amphitrite and Artemia salina. Nauplii of both species were exposed to
0.1, 0.2, 0.4, 0.8, 1.6 (20 °C) and 1, 5, 10 and 50 mg/L, respectively.
Acute (mortality) and sub-lethal endpoints (swimming speed alter-
ation) were evaluated after 24 and 48 h of exposure. Results showed
that behavioral endpoint was more sensitive than mortality for both
species. After 24 h, LC50s were 0.55 and 9.96 mg/L for Augochlora
amphitrite and A. salina, respectively. After 48 h, LC50s relative to swim-
ming speed alteration were 0.27 and 3.79 mg/L, respectively. In
Table S5, further nAg effects data on crustaceans are available.
2.1.7. Echinoderms
Šiller et al. (2013) investigated Paracentrotus lividus 4 cell stage
embryos (2 h post fertilization) at 0.03–3 mg/L of nAg for 48 h, observ-
ing a positive effect correlation with time and concentration. Observed
defects included missing body symmetry, disturbed swimming behav-
ior, shortened or irregular arms. Šiller et al. (2013) found that nAg is
more toxic than the equivalent Ag+ concentration. Gambardella et al.
(2015) exposed the P. lividus sperm at 0.02, 0.2, 0.5, 0.6, 0.7 and
1mg/L. Results showed a gradual decrease of spermmotility at increas-
ing ENP concentrations.
2.1.8. Fish
Juveniles and adults of Cyprinodon variegatus were waterborne ex-
posed for 28 and 35 d at 0.001 and 0.01 mg/L (Grifﬁtt et al., 2012).
The strongest effects were observed in juveniles manifesting signiﬁcant
Ag accumulation in tissues, liver spongiosis and gill haemorrhaging. Au-
thors found themost dramatic transcriptional response in adult ovaries
than in gills, nevertheless they did not present any apparent defect of
ovarian tissue morphology. Four-ﬁve months old Oryzias latipes was
used by Chae et al. (2009) to study ﬁsh liver gene expression after
10 d waterborne exposure at 0.001 and 0.025 mg/L. Initially, acute tox-
icity tests were carried out to determine the dose-dependent response
curves for ﬁsh lethality; after 96 h, LOEC was observed at 0.025 mg/L,
and LC50= 0.035mg/L. Liver biomarkers showed signiﬁcant variations
compared to the control like transferring (TF) genes and MT, demon-
strating high level of stress caused by ENP exposure. According to
Chae et al. (2009), nAg effects can be distinguished from AgNO3 ones.
While nAg led to cellular and DNA damage, Ag+ induced inﬂammatory
response and metallic detoxiﬁcation processes in liver, resulting in
lower overall stress response when compared to the nano-form. Pham
et al. (2012) studied the gene expression on O. latipes liver extracted
after chronic waterborne exposure at 0.001 and 0.025 mg/L for 28 d.
Biomarkers showed signiﬁcant changes respect to the control. The lowest
nAg concentrations induced higher transcription levels of stress-induced
genes showing that prolonged exposures can allow detoxiﬁcation
in medaka ﬁsh. Wang and Wang (2014) investigated nAg effects on
Oryzias melastigma via dietary exposure. Organisms were fed for 15 min
with spiked brine shrimps exposed at 0.2 and 1 mg/L for 4 h. Fish
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with radioactive n110Ag. Brine shrimp accumulated from 0 to 14,000 μg/g
of Ag, but due to excretion, after 26 h ﬁsh assimilation efﬁciency was
b6%. Organisms fed with 28.2 μg/g of Ag spiked food accumulated
1.06 μg Ag/g in their intestine, while those fed with 181 μg/g of Ag
spiked food accumulated 8.89 μg Ag/g. All treatments caused inhibition
of Na+/K+-ATPase activity in the whole body, but future studies are
strongly needed to quantify nAg dissolution as well as Ag+ speciation
within the biological compartments.
According to Table S6, nAg resulted very toxic to microalgae (espe-
cially to green microalgae) with signiﬁcant effects at 0.0000229 mg/L.
Cnidarians and echinoderms showed adverse effects approximately at
0.1 mg/L. Crustaceans were sensitive especially when behavioral end-
points are considered. For molluscs and annelids, adverse effects were
detected between 0.0007 and 250 mg/L depending on the life stage
and way of exposure. Waterborne and dietary exposures presented
effects between 0.001 and 0.1 mg/L, whereas sediment at 200–
250 mg/L. Fish presented effects depending both on the life stage and
exposure way. The EC50 for waterborne exposed juveniles was
3.46 mg/L, but for dietary exposed adults effects were between 0.2
and 1 mg/L. Bacteria were the most nAg resistant class of organisms.
2.2. Nano gold (nAu)
2.2.1. Bacteria
Lopes et al. (2012) investigated the effects of nAu on V. ﬁscheri up to
1.67mg/L for 30min. Results showed time-dependent bioluminescence
inhibition effects. The EC50 values were equal to 0.561, 0.32 and
0.22 mg/L after 5, 15 and 30 min exposure, respectively.
2.2.2. Algae
Larguinho et al. (2014) exposed Dunaliella salina up to 23.6 mg/L of
nAu for 24 h and observed that microalgae accumulated about 76% of
total Auwithout any additional signiﬁcantmorphological changes. Salt-
water microalgae data on nAu are limited, like for freshwater species.
2.2.3. Annelids
Mouneyrac et al. (2014) assessed nAu effects on H. diversicolor
exposing worms at 0.1 mg/L (waterborne) for 16 d. Authors observed
impairment of burrowing behavior and feeding rate aswell as increased
stress of related biomarkers.
2.2.4. Molluscs
Ferry et al. (2009) used Ilyanassa obsoleta andMercenariamercenaria
to assess nAu transfer from water column to a mesocosm food chain.
Authors measured the concentration of Au (Cf) operationally deﬁned
as the ratio of Au concentration (mg/kg) in the measured phase over
its concentration in the aqueous one (mg/kg) at the end of the experi-
ment. Mesocosms were also populated with crustaceans and ﬁsh.
Chemical analyses (ICP-MS)demonstrated that 5 h after spikingAu con-
centration in water became constant (0.4 μg/kg) whereas, in sediment,
reached an apparent plateau (18 μg/kg) (after 48 h). After 12 d, Cf was
equal to 1.67 · 102 in I. obsoleta. Primarily, snails feed on bioﬁlm that
seems to concentrate Au. M. mercenaria showed the highest Cf value
(2.28 · 104) and took up ~5% of total nAu probably due to clam
ﬁlter-feeder habit. Tedesco et al. (2010) exposed M. edulis to nAu
at 0.75 mg/L for 24 h to examine the accumulation in various target
organs. An amount of Au equal to 12 μg/g was found in DG that is 95% of
the total administrated Au. Gills and mantle accumulated 3.9% and 1.5%,
respectively. LPO was detected in DG, gill and mantle while a signiﬁcant
increase ofmalondialdehydewas found inDG.Moreover, a signiﬁcant de-
crease in lysosomal membrane stability (LMS) and total amount of thiol-
containing proteins was highlighted.
Pan et al. (2012) evaluated S. planawaterborne exposure at 0.1mg/L
up to 16 d using 3 nAu sizes: 5, 15 and 40 nm. Results evidenced size
dependent accumulation in clam soft tissues, reaching 10.5, 12.0 and17.7 μg/g after 5, 15 and 40 nm treatments, respectively. Burrowing ki-
netics signiﬁcantly decreased after 7 d of pre-exposure to ENP and these
effects were greater with ENP size increase. ENPs lose their electrostatic
stabilization due to the large amount of NaCl forming nAu aggregates
N700 nm as soon as after 5 min. This aspect conﬁrmed the importance
of knowing the particle behavior in exposure medium relating the ob-
served effects to the effective exposure scenario.
García-Negrete et al. (2013) exposed two groups of Ruditapes
philippinarum to chloroauric acid solutions and nAu suspensions (up
to 0.03 mg/L for 28 d) observing Au accumulation in both DG and gills
after only 3 h of exposure. While Au from chloroauric acid solutions
accumulated more in gills, Au from nAu accumulated more in DG via
ingestion.
2.2.5. Crustaceans
Ferry et al. (2009) investigated the effect of nAu towards
Palaemonetes pugio using the same experimental design presented
for molluscs. P. pugio presented a Cf value of 1.15 · 102 comparable
with mud snails' one.
2.2.6. Fish
Ferry et al. (2009) observed the effect of nAu on sheepshead min-
nows C. variegatus with the same experimental design presented for
molluscs. Fish presented a Cf value of 4.74 · 102. Au was detected only
in the combined organ and gut content samples, suggesting it was not
moving through the circulatory system.
In Table S6 a synthesis about nAu toxicity ranges is reported. It may
be seen as molluscs, crustaceans and ﬁsh seem to have the same higher
sensitivity towards gold ENPs, responding to ENP concentrations rang-
ing in the order of μg/kg, either for waterborne and sediment exposure.
Annelids and bacteria were the most tolerant. Annelids showed effects
at 0.1 mg/L, while bacteria at 0.22 mg/L (EC50) after 30 min.
2.3. Nano copper oxide (nCuO)
2.3.1. Bacteria
Liquid phase test with V. ﬁscheri (Rossetto et al., 2014) investigated
nCuO between 125 and 2000 mg/L evidencing EC50 values equal to
248 and 257 mg/L after 15 and 30 min, respectively. Saltwater ionic
strength affected nCuOagglomeration increasing their diameter and de-
creasing their surface area and reactivity thus lowering toxicity effects.
2.3.2. Annelids
Buffet et al. (2011) investigated nCuO effects on H. diversicolor at
0.01 mg/L for 7 d. The experiment evidenced Cu accumulation in the
whole soft tissue up to 1570 ng/g and increased catalase (CAT) and
GSTs activities. Buffet et al. (2013b) iterated the experimental design
of Buffet et al. (2011), but up to 21 d. Authors observed signiﬁcantly
higher Cu concentration in soft tissues, changes in stress related bio-
markers and coelomocyte DNA damage. nCuO did not easily dissolve
in the experimental medium and, consequently, defence mechanisms
and toxic effects could be the result of a speciﬁc nano-related effect
(Buffet et al., 2013b). Mouneyrac et al. (2014) tested H. diversicolor ex-
posing specimens at 0.010mg/L for 16 d observing burrowing behavior
impairment and changes in stress related biomarkers especially GST
and CAT (amongst the investigated biomarker lactate dehydrogenase
(LDH), MTs, GST, CAT, SOD, thiobarbituric acid reactive substances
(TBARS), caspase 3-like (CSP), acetylcholinesterase (AChE), acid phos-
phatase (AP), laccase-type phenoloxidase (PO) and lysosyme) indicat-
ing an anti-oxidant defence to sub-lethal concentrations of Zn.
2.3.3. Molluscs
Molluscs represent the most investigated taxonomic group with a
special focus on mussels and clams.
Gomes et al. (2011), Gomes et al. (2012) and Gomes et al. (2013a)
exposed adult M. galloprovincialis at 0.01 mg/L of nCuO for 15 d. They
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2013a), in gills (Gomes et al., 2011) and in DG (Gomes et al., 2012) as
well as changes in stress related biomarkers (Gomes et al., 2011;
Gomes et al., 2012). According to Gomes et al. (2012), since only a
small fraction of soluble Cu was released from nCuO, effects seemed to
be related to the nano-form with aggregation playing a key role.
Gomes et al. (2013a) noticed hemocyte DNA damage signiﬁcantly
higher compared to the control. Effects of nCuO onM. eduliswere stud-
ied by Hu et al. (2014) considering waterborne exposure at 0.4, 0.7 and
1 mg/L for 1 h. Results showed that at 1 mg/L Cu accumulation was
9.62 mg/g in gill and 4.27 mg/g in DG, that is 69% of total Cu; instead,
in mantel Cu was 9.21%. Biomarkers revealed protein oxidation of cyto-
skeleton and enzymes, and time- and concentration-dependent de-
crease of LMS. nCuO exposure increased deposition of pigmented
brown cells, located along the mantle and gill margin, also lining diges-
tive tubules and some of the sinuses, throughout the connective tissue
and in the adductor muscle. The deposition of pigmented brown cells
was associated to heavy metals accumulation.
Waterborne nCuO exposure effects were tested on S. plana by Buffet
et al. (2011), Buffet et al. (2013b) and Mouneyrac et al. (2014). Clams
were exposed at 0.01 mg/L of nCuO for 21 (Buffet et al., 2011; Buffet
et al., 2013b) or 16 d (Mouneyrac et al., 2014). Authors observed
burrowing and feeding rate impairments and changing in stress related
biomarkers. Buffet et al. (2011) and Buffet et al. (2013b) evidenced sig-
niﬁcantly higher Cu concentrations in the whole soft tissue. According
to Buffet et al. (2011), aggregation enhanced the rate of ENPs sinking,
creating increased risk of ingestion by benthic organisms like for
S. plana. Dai et al. (2013) exposed the clamM. balthica to nCuO through
spiked sediment at 200 μg/g for 35 d. Mortality ranged between 2.4% to
15.5% and clams burrowed more slowly and irregularly. In soft tissues,
Cu increased approximately 10-fold compared to the control, while
the condition index (CI) generally decreased over time due tometal ex-
posure, causing energy consumption and lack of nutrition.
2.3.4. Crustaceans
Hanna et al. (2013) investigated amphipods Leptocheirus plumulosus
exposed to sediment spiked with nCuO 500 and 2000 μg/g. Dose-
dependent mortality was found with LC50 = 868 μg/g and Cu-
accumulation in amphipods with a linear increase compared to ENPs
concentration. Park et al. (2014) measured the effects of salinity on
nCuO toxicity exposing Tigriopus japonicus at 40mg/L (96 h). Nomortal-
ity was observed at 35‰. At 5‰, the mortality increased up to 43%. Au-
thors concluded that metal toxicity was mainly caused by ions thus,
when salinity increased, the Cu dissolved concentration sharply de-
creased possibly due to precipitation.
2.3.5. Echinoderms
Effects of nCuO on Arbacia lixulawere investigated by Maisano et al.
(2015) exposing fertilized eggs at 0.00007, 0.0007, 0.007, 0.01 and
0.02 mg/L for 72 h. Authors observe Cu increase up to 2.0 and 2.5
fold at 0.01 and 0.02 mg/L in plutei, respectively. After 24 h post-
fertilization, an increasing number of embryoswith abnormalities or co-
agulated was observed. After 72 h, embryo development delays and ab-
normalities were highlighted such as incomplete or absent skeletal rods
and shorter arms compared to the negative control. A concentration de-
pendent inhibition of AChEwas recorded.Wu et al. (2015) exposed em-
bryos of Lytechinus pictus (30 and 90minpost-fertilization) between 0.2
and 10 mg/L evaluating various biomarkers. Signiﬁcant increases in in-
tracellular ROS production at 0.5, 1 and 2 mg/L and Cu accumulation
in embryos (49.7 ng Cu/mg wet tissue) were evidenced.
As reported in Table S6, nCuO generated high adverse effects on,
molluscs, annelids, and echinoderms especially through water media.
Respiration and ﬁltration processes represented the preferential way
of exposure compared to sediment ingestion. Bacteria (30 min
EC50 = 257 mg/L) and crustaceans (LC50 = 868 μg/g) conﬁrmed tobe the most resistant taxonomic groups, especially when exposed to
spiked sediment.
2.4. Nano titanium dioxide (nTiO2)
Data about nTiO2 effects to saltwater organisms were already
fully reviewed by Minetto et al. (2014). The following lines are
just an update. In Table S4, all references were summarized for the
overall comparison.
2.4.1. Bacteria
Nogueira et al. (2015) assessed the effects of nTiO2 up to 20,000mg/L
with V. ﬁscheri. No toxicity effects were recorded thus conﬁrming its
scarce sensitivity for this ENP (Minetto et al., 2014).
2.4.2. Algae
Nitzschia closteriumwas exposed to 3 nTiO2 sizes (21 nm, 60 nmand
400 nm) (Xia et al., 2015). After 96 h, authors observed EC50 values of
88.78, 118.80 and 179mg/L, respectively, evidencing an inverse propor-
tionality between size and toxicity. Growth inhibition appeared to be
also concentration-dependent as oxidative stress biomarkers. ENPs ad-
hered to cell walls inducing plasmolysis.
Effects on Raphidocelis subcapitata (Nogueira et al., 2015) (8.2–
20 mg/L for the 72 h) resulted in biostimulation at 16 and 20 mg/L.
Authors worked in axenic conditions, thus excluding that nTiO2 killed
nutrient competitor bacteria.
2.4.3. Rotifers
Only one study with rotifers investigating nTiO2 effects is available
(Nogueira et al., 2015). Brachionus plicatilis exposed to 8.2–20 mg/L for
48 h produced no adverse effects mainly due to nTiO2 high sedimenta-
tion rate.
2.4.4. Molluscs
Also for nTiO2,mollusca represent one themost investigated phylum
with Mytilus spp. (Libralato et al., 2013). Farkas et al. (2015) assessed
the impact of nTiO2 on the uptake and toxicity of benzo(a)pyrene
(B(a)P) inM. edulis, exposingmussels to 0.2 and 2mg/Lwith orwithout
B(a)P (0.02mg/L). After 96h, neither signiﬁcantmortality nor biometric
changes were found. Ti uptakewas concentration-dependent and equal
to 0.69 and 2.5 μg/g for 0.2 and 2 mg/L, respectively. Large variations in
Ti tissue concentrations were detected between individuals, probably
due to their positioning in exposure tanks (bottom mussels were
overexposed compared to those attached on the container walls). In
both treatments, slight formation of micronuclei and increased enzyme
activity were evidenced. Farkas et al. (2015) observed that ENPs re-
duced the B(a)P accumulation in mussels. Due to its hydrophobicity,
B(a)P absorbed to nTiO2 presenting a higher surface-area-to-volume
ratio. Consequently, B(a)Pwas removed from thewater column becom-
ing less bioavailable. Balbi et al. (2014) assessed effects of co-exposure
of nTiO2 (0.1 mg/L) and Cd2+ (0.1 mg/L) in water media towards both
embryos and adults ofM. galloprovincialis for 48 and 96 h, respectively.
In adults, nTiO2 increased NO production for both contaminants
(Table S4). Despite the observed effects in adults, embryos exposure
did not affect larval development. Fresh and aged ENP dispersions
were tested by D'Agata et al. (2014) exposing M. galloprovincialis at
10 mg/L for 96 h. DNA damages were evidenced for both fresh and
aged dispersions. Gills' tissues presented strong vacuolation of digestive
tubules and theDGaccumulated 10-fold than gills. Itwas suspected that
a high proportion of larger (bulk) particles were rejected and excreted
as pseudo-feces at the gills, and smaller ENPs were conversely
transported to DG. Canesi et al. (2014) examined in vitro interactive ef-
fects of nTiO2 and 2,3,7,8-tetrachlorodibenzo-p-dioxin (2,3,7,8-TCDD)
on M. galloprovincialis hemocytes. The hemolymph extracted from
the abductor muscle was exposed at 0.002 mg/L of TCDD with 1, 5,
10 mg/L of nTiO2 for 30 and 60 min. nTiO2 signiﬁcant decreased LMS
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gills, signiﬁcant induction of chromosomal damagewas seen and theDG
genomic stability resulted strongly affected (−50%). Signiﬁcant accumu-
lation of Ti was observed both in gills (500 ng/g) andDG (4500 ng/g). An-
alogue effects were also seen in presence of TCDD.
Tian et al. (2014) exposed Scapharca subcrenata at 0.5 mg/L of nTiO2
with and without phenanthrene (0.5 mg/L) for 35 d. Neither mortality
nor negative effects were observed, but the presence of nTiO2 increased
the concentration of phenanthrene in clam foot muscle like in excreta
and pseudofeces. nTiO2 presented a high adsorption capacity for phen-
anthrene (60% in 30 min).
Oysters Crassostrea virginicawere exposed both in vivo (adults, 48 h)
and in vitro (hepatopancreas tissues, 24 h) up to 5 mg/L (Johnson et al.,
2015). Results showed signiﬁcant decrease of LMS according to a dose-
dependant pattern both in adults and in hepatopancreas tissues,where-
as the Ti accumulation was observed only in in vitro experiment.
2.4.5. Crustaceans
Nogueira et al. (2015) exposed A. salina between 8.2 and 20mg/L of
nTiO2 for 96 h and no toxicity effects were observedmainly due to ENPs
sedimentation.
2.4.6. Cetaceans
The only in vitro study about nTiO2 effects on cetaceans was per-
formed by Frenzilli et al. (2014) using ﬁbroblast cultures collected
from skin biopsies of Tursiops truncatus specimens. Cell cultures were
exposed at 20, 50, 100 and 150 mg/L for 4, 24 and 48 h of anatase and
rutile. Results highlighted that anatase did not induce genotoxic effects
in ﬁbroblasts, but can enter into cells being observed insidemembrane-
bound vesicles located in the peripheral cytoplasm. Conversely, rutile
induced signiﬁcant DNA strand breaks. TiO2 uptake is not always ac-
companied by strong intracellular elevation of ROS, thus indicating
that oxidative stress is only one of the possible mechanisms mediating
TiO2 genotoxicity.
As synthesized in Table S6, nTiO2 toxicity effects ﬁrstly appear in or-
ganisms' early life stages. Negative effects were seen in ﬁsh embryos ex-
posed between 0.03 and 14 mg/L, like for molluscs embryotoxicity (0.1
to 10 mg/L). In crustacean larvae and adults, nTiO2 effects were evi-
denced between 10 and 100 mg/L; EC50 values for bacteria and algae
are N100 mg/L and 89–179 mg/L, respectively. No effects were visible
for rotifers. Finally, annelids showed effects between 1000 and
3000 mg/kg conﬁrming to be the less sensitive in the case of sedi-
ment exposure.
2.5. Nano zinc oxide (nZnO)
2.5.1. Algae
Microalgae are frequently used to assess nZnO effects. Miller et al.
(2010) assessed nZnO growth inhibition (96 h) on D. tertiolecta,
Isochrysis galbana, Skeletonema marinoi and T. pseudonana exposing
them at 0.01, 0.1, 0.5 and 1 mg/L. Results highlighted species sensibili-
ties: T. pseudonana N S. marinoi N I. galbana≈ D. tertiolecta. Miao et al.
(2010) exposed T. pseudonana (48 h) to nZnO analytical concentrations
(~0.001 to 0.012 mg/L), observing changes in cell speciﬁc growth rate,
photosystem II quantum yield and chlorophyll a content. Being the
toxicity effects of Zn2+ comparable to nZnO, authors stated that toxicity
was due to ions. Wong et al. (2010) investigated nZnOwith S. costatum
and T. pseudonana indicating 2.36 and 4.56 mg/L as IC50s, respectively.
The nZnO surface charge was suspected initiating the contact between
ENPs and cells. Thus S. costatum and T. pseudonana surface is negatively
charged attracting nZnO. Peng et al. (2011) studied hownZnOmorphol-
ogy can inﬂuence its toxicity onmarinemicroalgae. Chaetoceros gracilis,
Phaeodactylum tricornutum and T. pseudonana (72 h) were exposed to
nZnO (n=4, 10–80mg/L) characterised by distinctive sizes and shapes.
All nZnO particles inhibited the growth of T. pseudonana and C. gracilis,
whereas P. tricornutumwas less sensitive, exhibiting continuous growthat a relatively slow rate compared to the negative control. No particle
concentration and morphology dependence on nZnO dissolution was
observed due to aggregation phenomena altering ENPs surface area.
T. pseudonana was exposed by Yung et al. (2015) at 0.5–50 mg/L of
nZnO (96 h) checking the role of salinity. Generally, toxicity decreased
at increasing salinity from 12 to 27‰ and increased at 32‰. Zn2+
from nZnO decreased at increasing salinities and the observed toxicity
was probably directly related to Zn2+. Park et al. (2014) identiﬁed sim-
ilar salinity-related results for nCuO and T. japonicus. Manzo et al.
(2013a) observed growth inhibition effects on D. tertiolecta at 0.1–
10 mg/L of nZnO (EC50(96 h) = 2.42 mg/L) stating that the primary
particle size of the dispersed particles affected the overall toxicity in
contrast to Peng et al. (2011).
2.5.2. Annelids
An isotopic enrichment with stable 69Zn was used to investigate
nZnO bio-uptake from sediment (3 mg/kg) in Nereis diversicolor
(Buffet et al., 2012). Besides a bioaccumulation of 3.7 μg/g, authors
observed an increased CAT activity and MT levels, and decreased CSP-
3-like and TBARs levels as well as signiﬁcant reduction of burrowing
and feeding activities. Similarly, Mouneyrac et al. (2014) tested nZnO-
spiked sediment (3 mg/kg) on H. diversicolor for 16 d. Behavioral re-
sponses showed burrowing and feeding activities impairments as well
as changes in stress-related biochemical parameters especially GST
and CAT (amongst the investigated biomarker LDH, MTs, GST, CAT,
SOD, TBARS, CSP, AChE, AP, PO, and lysozyme) indicating an anti-
oxidant defence to sub-lethal concentrations of Zn.
2.5.3. Molluscs
S. planawere also investigated in Buffet et al. (2012). Zn showed an
accumulation of 5.4 μg Zn/g; CAT, CSP-3-like, LDH and MT levels in-
creased, while signiﬁcant reduction of burrowing and feeding activities
were detected.
Trevisan et al. (2014) exposed adults of Crassostrea gigas at 4mg/L of
nZnO for 48 h. Accumulation of Zn in gills was time dependent (49% and
80% after 24 and 48 h, respectively) and in DG was 138% the negative
control after 48 h. Histopathological analysis showed irregular gill mor-
phology and DG damage complying with stress related biomarkers,
probably due to both Zn ions and nano-forms. Montes et al. (2012)
checked Zn uptake and accumulation in M. galloprovincialis at 1–
10 mg/L of nZnO for 96 h. Up to 21% of Zn into seawater accumulated
in mussels and pseudo-feces presented 63,000 μg/g of Zn; saturation
threshold for Zn were reach and thus clearance rates did not change
over the exposure period supporting mussels accumulation of Zn than
excretion. Muller et al. (2014) exposedM. galloprovincialis at 0.1, 0.5, 1
and 2 mg/L of nZnO up to 12 weeks. This long-term exposure resulted
in impairment feeding rate (EC50 = 1.5 mg/L) and accumulation
increased cell respiration rate (EC50= 0.9 mg/L). Khan et al. (2013) in-
vestigated Zn accumulation in Peringia ulvae at 0.02 mg/L for 7 d and
28 d of depuration, using labelled 68ZnO to detect the effective metal
ﬂow. The uptake rate constant was 0.042 · 1/(L g d) and the clearance
rate was 1.2% · 1/d.
2.5.4. Crustaceans
Ates et al. (2013a) investigated nZnO effects on A. salina larvae at 10,
50 and 100 mg/L up to 96 h, considering the role of size (10–30 nm and
200 nm), LPO products, bioaccumulation and elimination. Zn accumula-
tion was both time- and concentration-dependent up to 1.301 mg/L
after 96 h at 100 mg/L. Elimination was governed by 1st order kinetic:
the rate of depuration increasedwith time as gut concentration.Mortality
was time- and concentration-dependent and greater effects were pro-
duced by smaller particles. Oxidative stress as totalmalondialdehyde con-
centration increased after 96 h. Fabrega et al. (2012) assessed nZnO
effects on Corophium volutator life cycle starting from neonates exposed
at 0.2, 0.5 and 1 mg/L including survival, growth and reproduction
for 100 d. Chronic exposure affected survival in a concentration- and
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was equal to 11%. After 100 d, all populations reached sexual maturity,
but only unexposed populations reproduced. Micrographs of hepatopan-
creas tissue showed deposited metal granules of about 300–500 nm
representing common energy efﬁcient strategies for metals detoxiﬁca-
tion. Zn in body tissues after exposure did not signiﬁcantly differ from
negative controls.
Hanna et al. (2013) investigated L. plumulosus considering spiked
sediment and pore water (500 to 2000 μg/g of nZnO). Mortality in-
creased in a concentration-dependent manner and the calculated Zn
LC50s were 763 μg/g and 0.50 mg/L for sediment and pore water, re-
spectively. Park et al. (2014) exposed adults of T. japonicus up to
5 mg/L of nZnO for 96 h, evaluating its toxicity in relation to salinity
like for nCuO. Toxicity was inversely correlated to salinity with Zn
LC50 values of 1.220 mg/L and 2.240 mg/L at 5‰ and 35‰, in that
order. Effects were mainly due to Zn2+, while salinity increase support-
ed Zn ions precipitation.
2.5.5. Echinoderms
Embryos of L. pictuswere exposed to nZnO and Fe-doped nZnO be-
tween 0.01 and 0.2 mg/L for 96 h (Fairbairn et al., 2011). EC50 values
were 0.095 and 0.105 mg/L for nZnO and Fe-doped nZnO, respectively.
In both cases, morphological abnormalities were similar to Zn2+ as ref-
erence toxicant, thus adverse effects were attributed mainly to Zn ionic
fraction. Sperm-cell and embryotoxicity in P. lividus were studied be-
tween 0.080 and 4 mg/L for 48 h (Manzo et al., 2013b). The fertilization
rate was always b25% with NOEC and LOEC equal to 0.18 and 0.30mg/L
of Zn, respectively. Total embryo impairment was observed; the calcu-
lated LOEC was 0.06 mg/L of Zn including both malformed larvae and
pre-larval embryos. Pre-larval arrested embryos were present at any
concentrations. Manzo et al. (2013b) conﬁrmed the toxicity of Zn2+
highlighting how various Zn sources showed speciﬁc effects on embryo
developmental stage suggesting that toxicity mechanisms could act dif-
ferently. Wu et al. (2015) evaluated various biomarkers exposing
L. pictus embryos for 30 and 90 min post-fertilization between 0.2 and
10mg/L of nZnO. Results showed both a signiﬁcant increase in intracel-
lular ROS production at 0.5, 1, 2 and 5 mg/L and loss of mitochondrial
membrane potential.
2.5.6. Fish
The only study about nZnO and ﬁsh comes fromWong et al. (2010).
Authors exposed larvae ofO.melastigma at 4 and 40mg/L for 96 h inves-
tigating heat shock protein 70 kDa, MT and SOD. Biomarkers showed no
signiﬁcant changes.
As reported in Table S6, nZnO was tested considering a wide range
of concentrations. Comparing the EC50/LC50 levels, echinodermembry-
os are the most sensitive (EC50 = 0.06 mg/L (48 h) and 0.1 mg/L
(96 h)), followed by crustacean nauplii (EC50 = 0.85 mg/L) and adults
(EC50= 1.19–2.44mg/L). The sensitivity of algae resulted quite similar
(EC50 = 2.36–4.56 mg/L at 96 h), even if Miao et al. (2010) observed
negative effects between 0.001 and 0.012 mg/L of nZnO, Considering
waterborne exposedmolluscs, EC50was 37.2mg/L (48 h). Sediment ex-
posure in annelids and molluscs showed negative effects at 3 mg/kg of
nZnO. Adult crustacean were the most resistant with EC50 =
763 mg/kg of nZnO.
2.6. Nano fullerene (C60)
2.6.1. Bacteria
Velzeboer et al. (2008) performed V. ﬁscheri toxicity test at 1, 10 and
100 mg/L of C60 and EC50 value was N1 mg/L after 15 min. Blaise et al.
(2008) calculated for V. ﬁscheri an EC50 N100 mg/L of C60, but disper-
sions were ﬁltered (0.22 μm cellulose membrane) prior to testing.
Filters retained 100% of C60, so according to the author, bacteria were
simply under-exposed.2.6.2. Annelids
Nereid Leonereis acutawere exposed to 0.01, 0.1 and 1mg/L for 24 h,
considering the CFU of worm mucus and stress related biomarker
changes as endpoints (Marques et al., 2013). The lowest CFU was de-
tected at 0.01 mg/L because of the degree and kinetics of aggregation,
and the size range of aggregates. At low concentrations, the extent of ag-
gregation can be likely reduced, leaving free particles in un-aggregated
form. About biomarkers, reduced level of LPO was noticed at 0.1 and
1.0mg/L in the worm anterior region, representing an impaired antiox-
idant capacity in exposedworms, while LPO augmented in the posterior
region at 1 mg/L.
2.6.3. Molluscs
Al-Subiai et al. (2012) exposed adults ofMytilus sp. for 3 d to both
C60 (0.1 and 1 mg/L) and C60 (0.1 mg/L) mixed with ﬂuoranthene
(0.032 mg/L). In the ﬁrst case, C60 accumulated mainly in the DG
(0.0249 mg/g), followed by gills and adductor muscle. Histological
anomalies (Table S4) and DNA damages were observed. Fluoranthene
mixed to C60 produced additive effects.
2.6.4. Fish
Blickley and McClellan-Green (2008) investigated Fundulus
heteroclitus including various life stages (eggs, larvae and adults) be-
tween 1 and 10 mg/L to C60. Eggs were exposed for 12 d and larvae
and female adults for 4 d. Embryo development did not show signiﬁcant
mortality, developmental delays ormalformations. The chorion analysis
showed statistically signiﬁcant increase in C60 content at all exposure
concentrations. Larvae did not exhibit signiﬁcant mortality, but gluta-
thione (GSH) signiﬁcantly increased in a concentration-dependent
way. About adults, no mortality occurred but GSH levels in liver tissues
exhibited a concentration-dependent increase not observed in gill
tissues.
According to Table S6, annelids were the most sensitive organisms
(0.01–1 mg/L) to C60, followed by molluscs (0.1–1 mg/L), bacteria
(EC50 = 1 mg/L at 15 min) and ﬁsh (1.8 and 7 mg/L). Perplexities are
increasing about C60 because it is supposed to accumulate into target or-
ganisms and in the environment in a persistent way (Oberdörster,
2004; Avanasi et al., 2014).
3. Discussion
Data revision highlighted how it is still difﬁcult determining a clear
framework about nanoecosafety to saltwater organisms. Information
appeared fragmentary and incomplete, and sometimes with a proﬁle
of limited ecological signiﬁcance. From Table S6, it can be observed
that i) nevertheless non-ecologically relevant exposure concentrations
were taken into consideration (sometimes up to several hundreds of
mg/L or mg/kg depending on ENP and its way of exposure - water or
sediment), frequently EC50s are lacking like as EC20, NOEC and LOEC
values; ii) the investigated effect concentrations are strongly dependent
on the considered experimental design stating that sub-lethal effects
are frequently very difﬁcult to compare between ENPs and species; iii)
exposure period and acclimatization to the toxicant are not speciﬁed
or absent; iv) invertebrates at the adult stage are mainly preferred –
data on larval stages and cell lines are only marginal; v) waterborne
nanoecotoxicology data prevails on sediment and dietary exposure.
Several criticisms and limits were evidenced:
i) Overexploitedmodel organisms: according to Table S4microalgae
(n = 13) and molluscs (n = 13);
ii) Underexploited model organisms: bacteria (n = 1, V. ﬁscheri),
cnidarians (n=2), crustaceans (n=8), annelids (n=5), echino-
derms (n = 3), ﬁsh (n = 4) and mammals (n = 1, T. truncatus)
should be more investigated;
iii) Elective biological models and different analytical level of detail:
for example nAgwas investigated 9 timeswithmolluscs (5 species
198 D. Minetto et al. / Environment International 92–93 (2016) 189–201belonging to one phylogenetic class) according to Table S4;
iv) Exposure scenario variability: high species-speciﬁc and ENP sce-
narios including organism life stage and way of administration/
spiking of toxicants determining lowcomparability of literature re-
sults conﬁrming Kahru and Dubourguier (2010);
v) Micro- and mesocosms substantially unexplored: ENPs
partitioning in world's unit compartments (soil, sediment,
water column suspended particles, water, air, and biota) far
to be reached;
vi) Mixture effects: few examples of mixture effects are available
only for ENPs and traditional pollutants - mixtures of ENPs
have not been investigated yet;
vii) Effects of ions and ENPs: for nAg, nCuO and nZnO perplexities
still exist concerning the toxicity aetiology (Wang and Wang,
2014; Park et al., 2014; Trevisan et al., 2014); several authors
compared metal based ENPs and the relative metal salts
(AgNO3, CuCl2 or ZnCl2) to understand how the nano-size
can behave, but, in general, this was general not sufﬁcient to
explain results leaving this issue still open;
viii) Size and morphology effects of ENPs: scarcely investigated,
justiﬁed and understood;Fig. 3. Effects of nAg, nAu, nCuO, nTiO2, nZnO, and C60 to various taxonomic groups (bacteria, algaix) Bacteria showed to be tolerant tomost investigated ENPs exposure
ranges (Figs. 3 and 4) – it has been observed that, frequently, the
concentration of ENPs in antibacterial agents can be higher than
LOEC values of other more sensitive species.
We think that themainmatter of discussion is about how ecological-
ly relevant should be the exposure concentrations in nanoecotoxicity
considering that the marketed ENPs are increasing year-by-year with
0.6, 55, 550, and 3000 t/y for C60, nAg, nZnO, and nTiO2, respectively
(Piccinno et al., 2012); no data about nAu and nCuO trade-off are avail-
able yet. The matter of fact is that most acute toxicity tests require rela-
tively high concentrations (mg/L) to generate a measurable traditional
endpoint (e.g. mortality). Thus the main problem is not probably the
level of concentration, but the use of more sensitive endpoints like
sub-lethal ones. Saltwater chronic long-term toxicity tests (mono- and
multi-species) are limited and infrequently used due to their cost, the
absence of protocols and long observation period before getting results.
Future challenges in nanoecotoxicology and nanosafety should stress on
the potential effects of trace ENPs focusing on biological models more
sediment-related considering both the liquid and solid-phase. Anyway,e, cnidarian, annelid, crustacean, mollusc, echinoderm, and ﬁsh); concentrations are in mg/L.
Fig. 4.Multi-endpoint sensitivity of various taxonomic groups (bacteria, algae, cnidarian, annelid, crustacean, mollusc, echinoderm, and ﬁsh) to nAg, nAu, nCuO, nTiO2, nZnO, and C60;
concentrations are in mg/L.
199D. Minetto et al. / Environment International 92–93 (2016) 189–201acute toxicity data can be used to ideally assess ENPhazard as the intrinsic
capability of causing adverse effects. Considering Figs. 3 and 4, the
reviewed ENPs' hazard in decreasing order evidenced that: nAu N
nZnO N nAg N nCuO N nTiO2 N C60.Appendix A. Supplementary data
Supplementary data to this article can be found online at http://dx.
doi.org/10.1016/j.envint.2016.03.041.References
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